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Abstract
Soil systems are known to be repositories for atmospheric carbon and metal contaminants, but the complex processes that
regulate the introduction, migration and fate of atmospheric elements in soils are poorly understood. This gap in knowledge is
attributable, in part, to the lack of an established chronometer that is required for quantifying rates of relevant processes.
Here we develop and test a framework for adapting atmospheric lead-210 chronometry (210Pb; half-life 22 years) to soil systems. We propose a new empirical model, the Linked Radionuclide aCcumulation model (LRC, aka ‘‘lark”), that incorporates measurements of beryllium-7 (7Be; half-life 54 days) to account for 210Pb penetration of the soil surface during initial
deposition, a process which is endemic to soils but omitted from conventional 210Pb models (e.g., the Constant Rate of Supply, CRS model) and their application to sedimentary systems. We validate the LRC model using the 1963–1964 peak in
bomb-fallout americium-241 (241Am; half-life of 432 years) as an independent, corroborating time marker. In three diﬀerent
soils we locate a sharp 241Am weapons horizon at disparate depths ranging from 2.5 to 6 cm, but with concordant ages averaging 1967 ± 4 via the LRC model. Similarly, at one site contaminated with mercury (HgT) we ﬁnd that the LRC model is
consistent with the recorded history of Hg emission. The close agreement of Pb, Am and Hg behavior demonstrated here suggests that organo-metallic colloid formation and migration incorporates many trace metals in universal soil processes and that
these processes may be described quantitatively using atmospheric 210Pb chronometry. The 210Pb models evaluated here show
that migration rates of soil colloids on the order of 1 mm yr1 are typical, but also that these rates vary systematically with
depth and are attributable to horizon-speciﬁc processes of leaf-litter decay, eluviation and illuviation. We thus interpret 210Pb
models to quantify (i) exposure of the soil system to atmospheric aerosol deposition in the context of (ii) organic carbon
assimilation, colloid production, and advection through the soil proﬁle. The behavior of some other elements, such as Cs,
diverges from the conservative colloid behavior exempliﬁed by Pb and Am, and in these cases the value of empirical 210Pb
chronometry models like LRC and CRS is as a comparator rather than as an absolute chronometer. We conclude that
210
Pb chronometry is valuable for tracing colloidally-mediated transport of Pb and similarly-refractory metals, as well as
the mobile pool of carbon in soils.
Ó 2016 Elsevier Ltd. All rights reserved.

1. INTRODUCTION

⇑ Corresponding author.

E-mail address: joshua.d.landis@dartmouth.edu (J.D. Landis).
http://dx.doi.org/10.1016/j.gca.2016.02.013
0016-7037/Ó 2016 Elsevier Ltd. All rights reserved.

Soils function as repositories for atmospheric carbon
(Dixon et al., 1994; Schimel, 1995; Schmidt et al., 2011),
metal contaminants including Pb (Steinnes and Friedland,
2005; Ma et al., 2014) and Hg (Mason et al., 1994; Obrist
et al., 2011), and nuclear bomb and reactor fallout
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(UNSCEAR, 2000; Yasunari et al., 2011). While the fate of
carbon and persistent contaminants in soils is a growing
concern due to the cumulative eﬀect of ongoing anthropogenic emissions (Nriagu and Pacyna, 1988; Nriagu,
1988; Prestbo and Gay, 2009; Schmidt et al., 2011), our
understanding of the processes that govern the introduction, transport and fate of atmospheric elements in soils is
poor. This gap in our understanding of contaminant behavior is attributable, in part, to the absence of an established,
universal chronometer for tracing relevant soil processes. In
sedimentary records such as ice cores (Wang et al., 2014),
lacustrine and marine sediment deposits (Conroy et al.,
2008; Beal et al., 2014), and peat accumulations
(Chambers et al., 2007; Mackay et al., 2014), naturallyoccurring fallout lead-210 (210Pb) has proven to be a
valuable chronometer and a critical tool for revealing environmental change. This is due to the global distribution of
atmospheric 210Pb (Robbins, 1978; Preiss et al., 1996) and
the congruence of its half-life (22.3 years) with the timescale
of high-impact anthropogenic activities and industrial emissions. Atmospheric 210Pb (‘excess’ or 210Pbxs) accumulates
in sedimentary glacial, lacustrine and peat layers during
their surﬁcial exposure, and upon sequential burial of each
layer 210Pb provides a clock as a consequence of its radioactive decay (Krishnaswamy et al., 1971).
But the applicability of 210Pb chronometry to soils is
uncertain because soil processes are more complicated than
the sequential burial of layers. Conventional 210Pb models
thus lack a conceptual basis for their application to soils.
Unlike sedimentary systems where 210Pb is interpreted as
a passive marker of sediment accretion, in soils we propose
that the behavior of 210Pb follows organo-metallic colloid
migration. This behavior is consistent with observations
that, through soil processes including atmospheric deposition (Murozumi et al., 1969), percolation, eluviation,
sequestration, circulation (Greeman et al., 1999; Kaste
et al., 2011a), and organic litter accumulation and decay,
Pb is strongly retained by organic matter (Erel et al.,
1990; Miller and Friedland, 1994; Wang and Benoit,
1997; Klaminder et al., 2006), forms stable organometallic complexes (Kerndorﬀ and Schnitzer, 1980; Kaste
et al., 2005) and is eluviated in an organic, particulate phase
(Miller and Friedland, 1994). Dorr and Munnich (1989)
concluded that migration rates of 210Pb in soils are identical
to those of refractory carbon 14C. Pb thus has the potential
to be a powerful tracer of soil C dynamics via their shared
incorporation into organo-metallic colloids.
Given its ﬁxed association with soil carbon, Pb may
arguably be considered a conservative element, forming
stable organo-metallic colloid complexes similarly to major
elements Fe and Al (Kaste et al., 2011a; Pokrovsky et al.,
2005) and refractory trace elements (Thompson et al.,
2006; Bern et al., 2015). Insofar as Pb binding to soil solids
is functionally permanent on centennial timescales, Pb is a
conservative tracer of organo-metallic colloidal phases.
210
Pb chronometry can thus describe timescales of critical
and poorly constrained processes of organo-metallic colloid
transport (Eusterhues et al., 2003; Kalbitz and Kaiser,

2008; Ferro-Vázqeuz et al., 2014), atmospheric carbon
sequestration (Dorr and Munnich, 1991; Miller and
Friedland, 1994), as well as general soil properties such as
rates of podsolization (Steinnes and Friedland, 2005). As
a tracer of fundamental soil processes, Pb thus provides a
powerful comparator for the behavior of other elements
insofar as their convergence with or divergence from the
processes traced by Pb (Klaminder and Yoo, 2008).
Klaminder et al. (2008) suggested that both Pb and Hg
record a temporal record of their deposition in organic
rich soil O-horizons. Kaste et al. (2011a) ﬁrst applied conventional 210Pb chronometry to soils, showing that the
well-preserved litter layers of spodosols form by burial in
a manner analogous to sedimentation. Whereas Kaste
et al. (2011a) found general agreement between 210Pb dates
and independent time markers including gasoline Pb isotopic signatures and nuclear bomb-fallout (Warneke
et al., 2002), their broad sampling intervals and multidecadal uncertainties were too coarse to test 210Pb dating
in a universal soil context.
Here we test the application of robust 210Pb chronometry to soils. We compare the classic Constant Rate of Supply model (CRS; Appleby and Oldﬁeld, 1978) with a novel
one, the Linked Radionuclide aCcumulation model, LRC
or ‘‘lark”, which incorporates processes endemic to soils
and omitted from original 210Pb models for sedimentary
systems. The LRC model links concurrent measurements
of 210Pb and cosmogenic beryllium-7 (half-life 54 days;
Huh, 1999; Landis et al., 2012b). 7Be shares both an atmospheric source and depositional characteristics with 210Pb
(Baskaran et al., 1993; Landis et al., 2014) and has previously been combined with 210Pb as a chronometer of sediment transport (Matisoﬀ et al., 2005). In soil systems the
simultaneous measurement of 7Be and 210Pb via gamma
spectrometry accommodates depositional heterogeneity,
interception by overlying vegetation, and the rapid penetration of both 7Be and 210Pb into the soil subsurface during
their deposition in rainwater. These critical processes are
omitted from models adapted for sedimentary systems.
Both LRC and CRS models are empirical and require a
conceptual basis for their application to natural systems.
Here we develop a conceptual framework for applying
atmospheric 210Pb chronometers to soil systems. We begin
with a description of the LRC and CRS models, we compare them in a numerical simulation, and we then demonstrate application of the models to sampled soil proﬁles.
Within the framework of the LRC model results, we discuss
three prerequisites for robust 210Pb chronometry of soil systems, (i) availability of an independent proxy to quantify
the rapid advection of atmospheric 210Pb into soil by wet
deposition (ii) establishment of an independent, corroborating time marker for 210Pb vertical migration and (iii) a
framework for interpreting 210Pb migration rates in the
context of long-term soil-forming processes. Finally, we
brieﬂy describe advantages and disadvantages of empirical
chronometers versus widely adopted analytical advection–
dispersion approaches (e.g., He and Walling, 1997;
Bossew and Kirchner, 2004).
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2. CONSTANT RATE OF SUPPLY (CRS) MODEL
The conventional 210Pb CRS model is fully described
elsewhere (Appleby and Oldﬁeld, 1978; Sanchez-Cabeza
et al., 2000; Kaste et al., 2011a). Brieﬂy, the CRS approach
uses 210Pb as a proxy for advective processes and exploits
radiodecay law as follows:
I z ¼ I 0 ekT

ð1Þ
210

where Iz is the cumulative Pbxs inventory above depth z,
I0 is the cumulative 210Pbxs inventory of the entire proﬁle, k
is the 210Pb decay constant and T is the time required for
210
Pb to have migrated from the surface to depth z. Conceptually, during exposure of a system to 210Pb deposition
(either with sediment or in rainwater), 210Pb accumulates
such that a steady-state 210Pb inventory I0 develops in the
total, integrated system after a time period of 5–10 halflives, or approximately 100–200 years. Subsequent to this
time frame, accretion and radio-decay produce an exponential decline in 210Pbxs activity with depth. The 210Pbxs inventory Iz below a depth z is equated to the steady-state
inventory of the entire proﬁle, I0 (i.e., time zero), but having
decayed over time T since the layer z was exposed to deposition. The age of 210Pbxs at depth z, which is the time
required for I0 to decay to Iz, is readily solved from Eq. (1).
 
1
Iz
T ¼ ln
ð2Þ
k
I0
An implicit assumption in the CRS model is that 210Pbxs
accumulates only at the surface layer, and that this layer
remains isolated from ongoing deposition during subsequent
burial. But this is not the case in soil systems, where we know
from observations of the short-lived radioisotope 7Be that
the deposition of atmospheric elements penetrates the bulk
soil medium to depths below the surface (Olsen et al., 1985;
Wallbrink and Murray, 1996; Kaste et al., 2011a,b; Landis
et al., 2012a). Nuclear fallout, e.g. 137Cs, is similarly observed
to display an initial depth penetration in surface soils following its deposition (Matsuda et al., 2015), as do controlled
applications of 134Cs and 210Pb tracers (He and Walling,
1997). In a sedimentary context Abril and Gharbi (2012) have
referred to this penetration as ‘non-ideal deposition’. In a soil
context Kaste et al. (2011a) used concurrent measurements of
7
Be qualitatively to constrain the rainwater-driven penetration of atmospheric aerosols, including 210Pb, into the soil
subsurface during deposition, but this critical process was
not incorporated explicitly into their CRS age model and
its eﬀect on age estimates is thus unknown.
2.1. The Linked Radionuclide aCcumulation model, LRC or
‘‘lark
7

210

Be and Pb have similar biogeochemical behaviors in
the surﬁcial environment. The radionuclides share an atmospheric source (Baskaran et al., 1993; Landis et al., 2014),
universal distribution, and high particle-reactivity
(Robbins, 1978; You et al., 1989; Benoit, 1995; Taylor
et al., 2013; Boschi and Willenbring, 2016). The interception of 7Be and 210Pb is functionally identical, that is, their
respective ﬂuxes are highly correlated over the 7Be lifetime
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of 1/k = 78 days, and both are sequestered eﬃciently by
both live and dead leaf surfaces (Landis et al., 2014). None
of the radionuclides 7Be, 210Pb, (or 241Am or Pu, discussed
below) are implicated to a meaningful degree in active biological cycles (Mabit et al., 2014). With soil-to-plant transfer factors <<101 (Tyler, 2004; Wang et al., 2015; Todorov
and Djingova, 2015), their inventory fraction in soil that is
translocated to plant matter is <<0.1%, which from a massbalance perspective is minor. Given the short half-life of
7
Be, the likelihood of its behavior diverging from that of
210
Pb in surface soils appears to be low. In this instance,
7
Be may reasonably be assumed to trace the short-term
behavior that characterizes the deposition of 210Pb and similar atmospheric species.
To exploit 7Be as a tracer of 210Pb depositional eﬀects, we
combine the two in a new chronometer, the Linked
Radionuclide aCcumulation model, LRC, based on their
non-steady-state accumulation in surface soils. The accumulation of both 7Be and 210Pbxs by a homogeneous reservoir
follows the standard law of radionuclide ingrowth: the total
radionuclide inventory at any time is a function of depositional ﬂux and radioactive decay. First considering 7Be
and 210Pbxs independently, the total inventory IT of each
grows over time towards an asymptote of D/k according to
IT ¼

D
ð1  ekT Þ
k

ð3Þ

where I is cumulative inventory, D is depositional ﬂux, k is
decay constant, and T is the time or duration of accumulation, or the exposure age of the medium with respect to the
governing depositional processes.
When we consider the distribution of radionuclide
inventories in a soil system, a principal complication arises
as deposition is instantaneously distributed among multiple, stratiﬁed components by processes of (1) interception
by any canopy of vegetation and (2) penetration of
throughfall into the soil subsurface. The two processes are
conceptually equivalent; each canopy and soil component
(or ‘layer’) retains some fraction a of the depositional ﬂux.
The fractional ﬂux intercepted by the canopy of vegetation
may be described as a0D; previous work has shown that a
full canopy retains as much as a0 = 50–90% of depositional
ﬂux (Landis et al., 2012a; Likuku, 2009; Kaste et al.,
2011b). As 7Be and 210Pb are highly particle-reactive, when
the remaining ﬂux balance penetrates the soil surface, each
is progressively stripped from suspension along the ﬂow
path in some depth-dependent manner (He and Walling,
1997). The depth distribution of penetration into soil may
be described as
Ds ðiÞ ¼ ai D

ð4Þ

where D is total atmospheric ﬂux, ai is the depth-dependent
interception factor, and Ds is the fractional ﬂux reaching
soil at depth i. The depth-dependent soil interception factor
ai for 7Be is widely modeled as an exponential function
(Wallbrink and Murray, 1996; He and Walling, 1997;
Walling, 2013), with h0 describing the characteristic length
scale or relaxation depth:
ai ¼ e

hi

0

ð5Þ
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With constant atmospheric ﬂux distributed among all
vertically-integrated
P soil and vegetation components as
a
D
such
that
ai = 1, mass balance is preserved with
i
P
Ii = IT and the cumulative inventory IT can be written:
Z TZ n
ai D  kI i
ð6Þ
I T ðT Þ ¼
0

0

That is, the total radionuclide inventory in the stratiﬁed
soil-vegetation system is equivalent to the time-integrated
inventories of all i components 0 through n, where component 0 is always the uppermost (typically vegetation) component. LRC inventories are thus integrated from
vegetation down to the soil layer of interest (whereas
CRS inventories are integrated from the layer of interest
down to the bottom of the 210Pb depth proﬁle).
Eq. (6) has a familiar solution, i.e., Eq. (3). Thus, for a
single radionuclide, if a can be determined for each component, exposure time T can be determined. But a cannot be
determined by observations of 210Pb alone: rapid depositional processes are obfuscated by ongoing accumulation
and longer-term soil processes. However, because the geochemical and depositional behaviors of 7Be and 210Pb are
very similar, we might assume that a is equivalent for 7Be
and 210Pb (Landis et al., 2014). In this instance, by constructing two equations simultaneously for 7Be and 210Pb
and taking their ratio, a is removed. We thus correct 210Pbxs
for rapid depositional processes using the observed, empirical 7Be depth proﬁle. Exposure ages of the stratiﬁed unit

a

with respect to 210Pb atmospheric deposition may then be
reconstructed by the ratio RBe:Pb, that is, by the accumulative (from top-most layer down) inventories of 7Be and
210
Pbxs in components 0 to n, according to the following:
P0 Be
I
DBe kPb ð1  ekBe T Þ
Be:Pb
Rn;0 ¼ Pn0 iPb  Pb
ð7Þ
D kBe ð1  ekPb T Þ
nI i
This is the LRC model. The right term in Eq. (7) may be
solved iteratively for the time T that yields the experimental
ratio RBe:Pb, which is calculated arithmetically over each
layer depth via the middle term. No curve ﬁtting is required.
We thus determine for each sampled depth its exposure
time with respect to atmospheric deposition, requiring only
knowledge of the relative ﬂuxes of 7Be and 210Pbxs, and
sampling and measurement of vegetation and the soil medium at appropriate depth intervals. Fluxes may be determined either indirectly from the steady-state inventories
of an undisturbed soil column, from a reference site, or
by direct measurement of atmospheric deposition over an
appropriate period of time (Landis et al., 2014).
3. A CONCEPTUAL MODEL OF RADIONUCLIDE
ACCUMULATION IN A VEGETATION–SOIL
SYSTEM
Application of the LRC model to a soil system is readily
demonstrated using a numerical simulation, parameterized
from our observations of 7Be and 210Pb and conceptualized

b

Fig. 1. (a) conceptual model for 7Be and 210Pb accumulation in a soil system, see text Section 3. Daily atmospheric ﬂux is distributed
P among
deciduous canopy, C, and underlying litter, L, or mineral layers, P, with the fraction retained by each described by a, and with a = 100%.
Soil is deﬁned as L + P. In the bottom panel values of the accumulative inventory 7Be:210Pbxs ratio, RBe:Pb, are provided for the autumn
maximum and summer minimum of each model year. (b) Model results. The heavy red line represents mass balance, i.e., an ‘inﬁnite bucket’ in
which total atmospheric ﬂux is captured in a single inventory as L + P + C. The dashed black line represents soil evolution and only reﬂects
atmospheric mass balance once, in each annual cycle, it has incorporated vegetation following autumnal leaf drop. The shaded gray zone
shows the range of litter-only ratios, which describe the steady-state condition for the organic O horizon, and which otherwise share the form
and inﬂection points of ‘soil’ as a whole.
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in Fig. 1. Here we have modeled a deciduous canopy as this
proves to be the more dynamic of vegetation systems,
though the model is equally relevant to coniferous, perennial, herbaceous or grass-dominated systems. We assume
a constant daily 7Be and 210Pbxs ﬂux, that the canopy intercepts 50% of each ﬂux (a0 = 0.5), and that the balance
reaches the soil surface as throughfall. (Diﬀerent parameterizations of interception coeﬃcients do not qualitatively
change the model results). We assume that the canopy persists for one year before being incorporated instantaneously, with its radionuclide inventory, into underlying
soil as a new litter layer. This new litter layer continues to
receive atmospheric deposition over subsequent years but
at a diminishing rate that is controlled (shielded) by the
superposition of new canopy layers and its burial by subsequent litter layers. The annualized fraction of deposition
received by a layer, a, thus diminishes exponentially with
time and soil depth (e.g., Eq. (5)). For example, in year
one the canopy intercepts 50% of incoming ﬂux
(a0 = 0.5), year-old litter intercepts 32% (a1 = 0.32), and
the remaining 18% is delivered to the mineral soil. Similarly, during year two, 50% of the incoming ﬂux is intercepted by the canopy (a0 = 0.5), 32% intercepted by the
year-old litter layer (a1 = 0.32), 11% is intercepted by the
two-year-old litter layer (a2 = 0.11), and the remaining 7%
delivered to mineral soil, and so on.
The model described in Fig. 1 allows us to illustrate
some critical properties of the atmosphere-soilradionuclide system, and to demonstrate the mechanics
of the LRC model. First, the cumulative ratio RBe:Pb of
the soil component (dashed black line in Fig. 1b), is a
dynamic property that oscillates seasonally due to overlying vegetation dynamics. It attains an annual maximum
value each autumn when the Be-enriched canopy is incorporated as a new litter layer. The soil RBe:Pb ratio then
decays towards equilibrium with new, reduced ﬂuxes until
the next pulse of 7Be enters with litterfall in the following
autumn, an annual cycle that yields pronounced oscillations in RBe:Pb. Overall, the oscillating RBe:Pb soil ratio
decreases asymptotically as the 210Pbxs inventory grows
towards steady-state over many decades. However, if mass
balance is achieved by incorporating all superimposed
components 0 through n, (i.e., by integrating both canopy
and soil inventories), the total inventory ratio RBe:Pb conforms at all times to atmospheric equilibrium and massbalance via Eq. (3) (red line, Fig. 1b). Thus, RBe:Pb, the
cumulative 7Be:210Pb ratio of inventories summed over all
layers above a given horizon, reﬂects the atmospheric exposure age of that horizon and forms the basis for a
chronometer.
While the ﬂuxes of 7Be and 210Pbxs are distributed to
depths in soil identically via the penetration of atmospheric
wet deposition, with time the 7Be and 210Pbxs inventory distributions are progressively dislocated as 210Pbxs is buried
by litter accumulation and/or translocated downward by
colloidal transport. With its short half-life, 7Be does not
record these processes. Migration of 210Pb-bearing aerosols
and colloids through the soil by organic decay and organometallic colloid dynamics eﬀectively translates the ‘layer’ of
exposure deeper into the surrounding bulk medium, and it
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is these processes that generate long-lived radionuclide
depth proﬁles that we observe.
For the purposes of quantitative analysis both burial
and colloid transport may be considered ‘‘advective” processes insofar as each increases the eﬀective distance of a
210
Pb-bearing colloid from the soil surface. Our numerical
simulation is thus equivalent to the analytical solution
oﬀered by Abril and Gharbi (2012) for ‘non-ideal’ deposition of 210Pb in lacustrine sediments. We compare the two
approaches graphically in Fig. 2a. Importantly, by accommodating the depth-penetration of the depositing element,
both models reproduce a subsurface 210Pb concentration
and inventory maximum that is typical of many soil proﬁles. This subsurface maximum is, simply put, the result
of each ‘annual’ layer receiving atmospheric deposition
for multiple years, albeit at rates that are reduced by its progressive burial. For comparison, depth proﬁles of 7Be and
210
Pb for a real, representative soil proﬁle (details below
in Sections 4 and 5) are shown in Fig. 2b and c.
3.1. A test of soil chronometry models using numerical
simulation
Applying the CRS age model to our numerical simulation of annually deposited ‘layers’ (Fig. 1), we show in
Fig. 3 that it systematically biases exposure ages too young.
The bias results from the penetration of 210Pb to depth during deposition, increasing the Pb inventory in these layers
over multiple years. This bias is pronounced (>30% relative
error) at the soil surface and diminishes with depth following extinction of the 7Be proﬁle (i.e., at depths below the
penetration of deposition). The two models converge for
ages more than a few decades old or, equivalently, at depths
where 7Be is no longer present. At depths below the occurrence of 7Be, the CRS model is unbiased. For surface layers,
by incorporating the 7Be penetration proﬁle, the LRC
model in the same scenario returns the correct ‘known’
age and is thus shown to be unbiased at all depths. This
same result is evident when comparing LRC and CRS models for a real, representative soil proﬁle as shown in Fig. 3b.
Details on the application of both 210Pb models to real soils
are discussed in Sections 5 and 6 below.
4. VALIDATION OF 210PB CHRONOMETRY IN REAL
SOILS – AN INDEPENDENT TIME MARKER
While widely used in lacustrine settings, the behavior of
nuclear fall-out 137Cs is subject to biological regulation in
soil systems (Dupré de Boulois et al., 2008; Steiner et al.,
2002; Pietrzak-Flis et al., 1996; Tyler, 2004) and thus its
potential to serve as an independent, conservative time marker is compromised. Conversely, plutonium isotopes and
the 241Pu daughter americium-241, also products of nuclear
bomb testing, appear to be conservative tracers of soil colloid transport. Pu and Am have high valencies of +5/+4
and +3, respectively, are highly particle-reactive, and are
mobilized as colloidal complexes (Penrose et al., 1990;
Kersting et al., 1999). Size-partitioning of 241Pu and
241
Am in soils and surface water are very similar, showing
a common behavior related to organic colloidal material
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a

b

c

Fig. 2. (a) Numerical simulation of 7Be and 210Pb deposition to an annualized soil numerical model reproduces the analytical derivation of
Abril and Gharbi (2012). Both models display a sub-surface peak for 210Pb that results from the depth-penetration of deposition, as indicated
by 7Be, integrated over time. (b) Depth proﬁles for age-model radionuclides for our representative soil proﬁle A6. (c) Close analysis of 7Be
depth distribution, with data displayed using log-modulus transform (LM) with LM = sign (7Be)log(|7Be| + 1). Exponential ﬁt to the full data
set is shown with a dashed line. Log-ﬁtted data are shown in closed circles, with line (solid) of best-ﬁt and model RMSE in shading. Error bars
show 1-sigma analytical errors.

a

b

Fig. 3. (a) 210Pb age models applied to our numerical soil model. The CRS model is biased because it does not incorporate depth penetration
of 210Pb atmospheric deposition into subsurface soil. The LRC model returns an unbiased age. (b) Relative diﬀerence between CRS and LRC
models for soil pit A6, which displays the expected bias in CRS model.

(Santschi et al., 2002). Am and Pu mobility in forest soils
are virtually identical (Bunzl et al., 1992). Because 241Pu
has a relatively short half-life of 14.3 years, the occurrence
of 241Am (half-life 432 years) in the natural environment is
the result of its ingrowth over several decades following
nuclear bomb testing. Thus, behavior inferred from observations of 241Am is some aggregate of the combined
241
Pu–241Am system; based on their similar geochemical
behaviors, we interpret 241Am as a surrogate for 241Pu
depositional and geochemical history. We might expect
higher mobility of Pb than Am/Pu, if Pu has entered soils
as primary particles of ﬁssile, metallic plutonium, whereas
210
Pb enters as ions sorbed or coordinated to sub-micron
aerosols (Graustein and Turekian, 1989).
As for 137Cs, a strong peak in atmospheric deposition of
241
Pu–241Am is attributed to the years 1963–4 (Warneke

et al., 2002; Hirose et al., 2008), though some records show
a broad doublet spanning ca. 1955 to 1963 (Koide et al.,
1977; Olivier et al., 2004; Gabrieli et al., 2011). We assign
the 241Pu–241Am depositional maximum to 1963 with a
somewhat arbitrary uncertainty of ±3 years in consideration
of the variability among diﬀerent fallout records and in
recognition of possible variations in the time required for
241
Pu delivered to any canopy of vegetation to have migrated
to the ground level. From estimated global 239,240Pu fallout
inventories across the latitudinal band 40–50°N (Hardy
et al., 1973), 239,240Pu:241Pu isotopic composition of ﬁssile
material (Livingston et al., 1975), and the coupled decayrates of 241Am and 241Pu, we estimate that our location at
ca. 45°N now hosts a cumulative 241Am inventory of ca.
30 Bq m2. This is near to the maximum 241Am that will
occur by ingrowth from 241Pu as the latter is nearly exhausted
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by radiodecay. 241Am is now more readily measurable than at
any time in the past (Appleby et al., 1991).
It is our expectation that the atmospheric 241Pu depositional maximum of 1963 is approximated by the ﬁxed-depth
soil interval with a maximum inventory of 241Am (i.e.,
Bq m2 cm1). This ‘inventory maximum’ is the integral
of soil interval concentration (Bq kg1) versus interval mass
(kg m2 cm1). We use the inventory maximum because
activity-concentration (i.e., Bq kg1) is confounded by dilution into soil materials of diﬀering speciﬁc density, e.g.
organic matter versus iron oxides. This dilution eﬀect is
pronounced in surface soils where density increases rapidly
with depth during the transition from organic to mineral
horizons.
5. METHODS FOR TESTING 210PB
CHRONOMETERS OF SOIL PROCESSES
To test the abilities of both the CRS and LRC models to
provide accurate exposure ages of real soils to atmospheric
deposition, we sampled three sites at two locations, each
with geomorphically stable soil proﬁles in ﬂat terrain but
diﬀering, dominant vegetation. Each site was expected to
be ‘old’ with respect to 210Pb deposition; that is, more than
100 years since soil disturbance. Thus each is expected to
have recorded the history of nuclear bomb testing. Soils
in our region show minimal physical mixing or bioturbation
(Kaste et al., 2007). Consistent with this, each site shows
well-developed horizonation. We collected litter and soil
samples at level sites on 30  30 cm squares, details are
described in Supporting Information. Litter horizons were
sectioned vertically as fresh or old whole leaves (both Oi
horizon), and old leaf fragments (Oe). Underlying humiﬁed
and mineral horizons were excavated in measured 1 cm
depth intervals. All litter and soil samples were bagged
quantitatively and in their entirety in the ﬁeld. In the laboratory, samples were air-dried, sieved at 2 mm to remove
coarse roots, wood fragments and stones, and weighed.
Subsamples of the <2 mm fraction were then taken by
mass, air dried to constant weight, and prepared for measurement of gamma-emitting radionuclides.
Site ‘‘A” on the Androscoggin River, New Hampshire,
USA, is characterized by sandy loam spodosol soils under
mixed hardwood trees and is developed from granitederived outwash till. Soil pit A6 shows a well-developed E
horizon, and was sampled following autumn leaf fall such
that the deciduous canopy was recovered at the ground
level. Soil pit A1 is of the same soil type but less developed
and without a fully developed E horizon. This pit was sampled during autumn leaf fall when some leaf cover remained
in the canopy. Our site A1 provides a means for evaluating
210
Pb age models relative to Hg contaminant behavior, as
this site is adjacent to the Berlin, New Hampshire chloralkali Superfund site. The production history of this facility
provides constraints on local Hg contamination. Hg electrolysis was implemented at the chlor-alkali facility in the
early 20th century (ca. 1908–1937) but was suspended
abruptly in 1962 (EPA, 2005). For this site we measured soil
total Hg (HgT) using a combustion Direct-MercuryAnalyzer (Milestone DMA-80).
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Site ‘‘M” is located in the Marsh-Billings-Rockefeller
National Park, Woodstock, Vermont, USA and characterized by upland coniferous forest on inceptisol soils, also
characterized as sandy loam. Here soil pit M2 was sampled
under Eastern white pine, and pit M1 was sampled nearby
from an adjacent fallow pasture vegetated by perennial
grasses. Both soils are developed from thin, loamy till and
underlying schist, phyllite and interbedded quartzose limestone of the Waits River Formation. Site M1 is used to
derive the local 7Be inventory but is not suitable for explicit
210
Pb dating due to its agricultural history. Historically the
site has been hayed for fodder, with vegetation and associated 210Pb exported from the site, though it had not been
hayed for 3 years prior to sampling.
5.1. Gamma spectrometry and radionuclide measurements
Aliquots of each dry sample were packed into 110 cm3
polyethylene pucks for gamma counting. All measurement
and data processing methods follow Landis et al. (2012b).
Gamma instrument calibration was performed using
CCRMP (Canadian Certiﬁed Reference Material Project,
NRC Canada, Ottawa) uranium BL5 and thorium OKA2
ores diluted into matrix soils and sediments similar to those
of our samples. Self-attenuation of standard and sample
gamma emissions is corrected at all energies (Landis
et al., 2012b) using a planar multi-nuclide source and the
derivation of Cutshall et al. (1983). Attenuation measurements and their sample mass-dependency are shown in
Fig. SI 1; see Shakhashiro and Mabit (2009).
We report the following radionuclides, with the energies
of their characteristic gamma emissions: 7Be at 477 keV,
with correction for 228Ac at 478 keV (Landis et al., 2012b);
210
Pb at 46.6 keV; 241Am at 59.5 keV; 234Th at 63.3 keV with
correction for 232Th via assumed 228Ra (228Ac) equilibrium;
228
Ra via 228Ac at 911 keV; 226Ra at 186 keV with correction
for 235U via 238U (assuming equilibrium with 234Th; see
Dowdall et al., 2004; Zhang et al., 2009). All samples are
counted for 4–7 days each to provide adequate precision
for 241Am, 7Be at the tail of its depth distribution, and
226
Ra in deﬁning ‘excess’ 210Pb. Cumulative uncertainties
are propagated by standard methods and are typically in
the 1–5% range; one-sigma uncertainties are provided in
all ﬁgures and tables. Our analyses of reference materials
of a variety of compositions are summarized in Table SI 1.
Measurement of 210Pbxs bears some special deﬁning.
Atmospheric deposition of 210Pb to surface soils yields total
210
Pb activities that exceed those that are supported by
in situ decay through the (abbreviated) geogenic decay
chain 226Ra > 222Rn >> 214Pb > 214Bi >> 210Pb. Here, as is
typical, we determine atmospheric or 210Pbxs arithmetically
by subtracting 226Ra activity (which is a surrogate for ‘supported’ 210Pb). This often results in ‘lead deﬁciency’ at
depth. This is expected and attributable to chronic emanation of gaseous radon from soils and sediments (Graustein
and Turekian, 1990; Greeman and Rose, 1996; Du and
Walling, 2012), the very disequilibrium process that introduces 210Pb to the atmosphere via decay of airborne
222
Rn. Where lead deﬁciency is apparent in ‘deep samples’,
we average the fractional lead deﬁciency (Pb/Ra < 1)
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measured across these deep samples as a correction factor
for in situ radon loss by multiplication with the measured
Ra at all depths. Thus, the supported 210Pbsupp at any depth
i is calculated by multiplication of the 210Pb:226Ra ratio for
deep samples (with no atmospheric lead) by the observed
226
Ra activity at each depth:
½210 Pbsupp i ¼

½210 Pbz 226
½ Rai
½226 Raz

ð8Þ

where 210Pbsupp is the activity of 210Pb which is supported
by in situ radioactive decay of 226Ra via 222Rn at any depth
i, and z denotes depths below the 210Pbxs atmospheric cap.
This method is similar to deﬁning a 210Pb asymptote to estimate [210Pbsupp]i (Matisoﬀ, 2014), but improved in that the
correction accounts for changing Ra activity with depth
(see Figs. 2b and SI 2). Our implied assumption that fractional radon losses through emanation are constant with
depth is not correct (Davidson and Trumbore, 1995), but
as a ﬁrst approximation is reasonable given analytical
uncertainties in 210Pb and 226Ra measurements and the vast
diﬃculty in knowing the true, long-term average Rn loss
from soils in situ. For site A1 we did not collect ‘deep’ samples from which we might estimate chronic Rn losses, so we
assume identical radon losses as for the nearby A6 site
(210Pbz:226Raz = 0.97 ± 0.06, Table 1). For site M2, Rn disequilibrium was estimated as 0.80 ± 0.05. As others have
pointed out (Kaste et al., 2011a), the eﬀect of 222Rn loss
is minor relative to the orders-of-magnitude higher atmospheric 210Pb in surface soils (Fig. 2b). But the error in calculating cumulative 210Pb inventory is comparable (ca. 5%)
to our analytical uncertainties and thus warranting of attention in our eﬀort to produce the most accurate age model.
6. RADIONUCLIDE MEASUREMENT RESULTS
Radionuclide measurements are summarized in Table 1
and detailed in Table SI 2. Both 7Be and 210Pb measured
inventories agree well with direct measurement of depositional ﬂuxes monitored at Hanover, NH (Landis et al.,
2014). Greater than half of the 7Be inventory is stored in
vegetation. Throughfall ﬂux of 7Be reaching the soil surface
is distributed to subsurface depths in approximately exponential fashion, with relaxation depths, h0, for our sites
A1, A6, M1 and M2 modeled as 1.25, 1.21, 0.86,
1.25 kg m2, respectively. If we consider only the distribution of 7Be measured in soil, omitting litter, values of h0
are 3.24, 2.67, 1.84, 1.29 kg m2. Values for h0 calculated
in the latter manner distinguish sites from one another,
and demonstrate the eﬀect of soil properties on 7Be depth
penetration: organic litter plays a dominant role in regulating 7Be delivery to underlying soil, where its penetration is
controlled by bulk density of the soil column (0.47, 0.52,
0.73, 0.86 g cm3, respectively; correlation of bulk density
with h0 gives r2 = 0.98). Descriptive parameters for 7Be
depth distributions are summarized in Table 2. Nonexponential tailing is evident in each of the 7Be depth distributions; our logarithmic ﬁtting to these tails are shown in
Figs. 2c and SI 3 and described in Supporting Information.
Total 241Am inventories are in agreement among our
sites, and all conform to expectation for global

bomb-testing ﬂux, which we have estimated in Section 4
at ca. 30 Bq m2. Our site inventories average 28.8
± 1.8 Bq m2 (mean ± 1r standard deviation, Table 1).
Among soil proﬁles the 241Am inventory maximum, or
equivalently the concentration-mass depth integral maximum, varies in depth from 2.5 to 6.0 cm. Depth proﬁles
are illustrated in Fig. 4. 137Cs inventories and depth proﬁles
are similarly shown in Fig. 5. 137Cs inventories are consistent among the sites, but we did not capture the full inventory at two of our soil pits due to pronounced tailing of
137
Cs with depth. Inventories at sites A1 and A6 are
>1473 ± 29 and >1301 ± 25 Bq m2, respectively. At site
M2 we appear to have recovered the total 137Cs inventory
and we estimate it to be 1678 ± 33 Bq m2. These values
are consistent with regional estimates of total 137Cs deposition from the Nevada Test Site and global weapons testing
provided by Simon et al. (2004); our interpolation of their
data yields an estimate of total fallout, decay-corrected to
the time of our sampling, of 1550 ± 300 Bq m2.
7. 7BE-210PB CHRONOMETRY AND INSIGHTS INTO
MODERN SOIL PROCESSES
Details of chronometer construction are given in Supporting Information. In Fig. 4 we show LRC and CRS
results and their analytical conﬁdence intervals, superimposed on 241Am depth distributions. LRC age estimates
for the 241Am maxima of the three soils fall within analytical uncertainties of the presumed age, averaging 1967 ± 5
(calendar year ±1 standard deviation). Individual ages are
1972 ± 3, 1962 ± 3, 1967 ± 4 for the A1, A6 and M2 sites.
CRS ages average 1972 ± 4 (Table 1). As expected, divergence between the two 210Pb age models is small at the
bomb fallout age of 50 years, but the bias toward younger
exposure ages we anticipate in the CRS model, based on
numerical modeling, is present. The LRC and CRS models
diverge to an extent determined by the 7Be depth distribution relative to that of the 210Pb distribution. Where the
CRS model becomes unbiased, uncertainties for the LRC
model explode as the accumulative RBe:Pb ratio can no
longer be analytically resolved from its asymptote. 137Cs
inventory maxima are signiﬁcantly younger than expected
for bomb testing, averaging 1988 ± 8 years.
Close agreement between the LRC model and 241Am
bomb-fallout demonstrates that Pb and Am/Pu behavior
is congruent in these soil systems. Despite locations of the
241
Am bomb fallout horizon at disparate depths in diﬀerent
horizons among various soil proﬁles, 210Pb chronometry
shows that these depths in each case correspond to a narrow span of time consistent with the peak of nuclear bomb
testing. Far beyond a coincidence of their co-location in
surface soils, 210Pb and 241Am are correlated to a precise
degree by the exact distributions of their respective inventories. Similarly, we ﬁnd congruence of 210Pb with HgT
behavior at our A1 site (Fig. 6), which was contaminated
with ca. 29 g m2 total Hg or approximately 10 more than
background contamination expected from long-range
transport sources. A very sharp, truncated peak in the Hg
depth proﬁle corresponds to a depositional age of 1967
± 3 years via the LRC model, which is consistent with

Table 1
Radionuclide inventories and chronometry parameters for soil exposure dating by LRC and CRS models.

7

2

Be

210

Pbexcess

241

Am

137

Cs

a
b
c
d
e
f

A1
Beech, oak
Forest
Spodosol
25-09-2014
Parameter

r

187
238a
n/a
427
2004
56%

Soil inventory [Bq m2]
Canopy inventory [Bq m2]
Empirical site ﬂux [Bq m2 y1]
Empirical Be:Pb ﬂux ratio
Disequilibrium coeﬃcient, 210Pb:226Ra

5193
83e
164
12.2
n/a

109
5
3
0.3
n/a

5703
n/a
177
11.6
0.97

Soil inventory [Bq m ]
Regional prediction [Bq m2]
RBe:Pb inventory maximum [calendar year]
CRS inventory maximum [calendar year]

28.1
30
1972
1975

2.3

2.5

3
2

27.5
30
1962
1967

Soil inventory [Bq m2]
Regional prediction [Bq m2]
RBe:Pb inventory maximum [calendar year]

>1437
1550
1983

29
300
2

>1301
1550
1997

5
25

440
n/a
440
445
2062
n/a

r

Soil inventory [Bq m ]
Canopy inventory [Bq m2]
Measured total
Regional totalc
Empirical site ﬂux [Bq m2 y1]
Canopy interception

2

9
10

A6
Beech, oak
Forest
Spodosol
07-11-2014
Parameter

14

M2
White pine
Forest
Inceptisol
13-11-2014
Parameter

r

M1d
Perennial grass
Pasture
Inceptisol
13-11-2014
Parameter

r

185
195b
380b
415
1777
55%

9
12
8
5
42

159
221
379
415
1777
58%

12
6
9
5
42

5215
122f
166
10.7
0.80

109
9
3
0.3
0.05

>3466d
161
n/a
n/a
0.81

127
5

2.3
4
3

29.9
30
n/a
n/a

3.2

3
2

30.9
30
1967
1970

25
300
1

1678
1550
1983

33
300
3

>1338
1550
n/a

49
300

14
5
67
90
3
0.2
0.06

0.03

Canopy 7Be is inferred by mass balance using regional reference site inventory Landis et al. (2014).
Canopy 7Be is inferred from total inventory measured at adjacent reference location M1.
Total inventory recorded at regional reference Hanover, NH as of soil sampling date Landis et al. (2014).
Site M1 is agricultural and is periodically hayed for fodder, exporting 210Pb inventory in vegetation; the site had not been hayed for 3 years prior to sampling so 7Be inventory is intact.
Canopy 210Pb is inferred from fraction 7Be inventory in canopy and 7Be:210Pb ﬂux ratio.
Canopy 210Pb is inferred from fraction 7Be inventory in canopy, 7Be:210Pb ﬂux ratio, and an assumed canopy turnover time of 1.5 years typical for Pinus strobus.
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Site
Canopy
Vegetation
Soil
Sampling date
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Table 2
Descriptive parameters for 7Be depth distribution in soils.
Parameter

Litter mass
h0, soil-plus-littera
h0, soil onlyb
7
Be ‘zero’ depthc
7
Be ‘zero’ depthc
7
Be soil densityd
a
b
c
d

Site
[kg m2]
[kg m2]
[kg m2]
[kg m2]
[cm]
[g cm3]

A1

A6

M2

M1

0.90
1.25
3.20
67.5
7.5
0.47

0.90
1.21
2.70
71.3
10
0.52

1.54
1.25
1.30
59.4
7
0.86

0.62
0.86
1.84
69.8
9.5
0.73

h0 is ﬁt using I(z) = exp(z/h0), i.e., Eq. (5).
Exponential function is ﬁt to humiﬁed soil intervals only, litter omitted.
Estimated from log-ﬁt of the observed depth proﬁle tail.
Bulk density for the soil column containing 7Be.

abrupt decommissioning of the facility in 1962 (EPA, 2005).
Net Hg migration rates of 0.8 mm yr1 measured here for
our A1 site are similar to those shown for atmospheric
Hg migration by Jiskra et al. (2015) using stable Hg isotopic
measurements.
We contend that the convergence in behavior among
210
Pb, 241Am and HgT is attributable to their common
incorporation into universal soil processes. Pb and Am
behavior is known to be colloidally mediated. With
respect to Hg, both it and Pb are retained within the soil
system largely through their association with soil organic
matter (Klaminder et al., 2008; Demers et al., 2013). Pb
and Hg, together with Fe and Al are the strongest
humate-forming metals (Kerndorﬀ and Schnitzer, 1980).
We thus propose that 210Pb migration traces soil colloid
processes via mechanisms of (i) regulation of multivalent
metal speciation by organic matter (e.g., humics) throughout the pH range of typical soils (Takahashi et al., 1999;
Kerndorﬀ and Schnitzer, 1980), (ii) regulation of the solubility of these metal-organic complexes by saturation with
Fe and Al (e.g., Ferro-Vázqeuz et al., 2014), (iii) stability
of these complexes during both chemical weathering (Bern
et al., 2015) and aqueous transport (Pokrovsky et al.,
2005).
Observed 210Pb migration rates, on the order of 1–
1.5 mm yr1 under deciduous litter and 0.3–0.4 mm yr1
under coniferous litter, are lower as expected under coniferous vegetation where decomposition rates are slower.
For both sites A6 and M2 the age models show a convex
shape (Fig. 4) that indicates accelerating colloid transport
with distance from the soil surface. We interpret this to
reﬂect processes of organic litter decay and liberation of
mobile C. The age model proﬁle for site A1 is more heavily inﬂuenced by depositional processes, reﬂected in both
deep 7Be penetration and a broadened 210Pb peak
(Fig. SI 2). For spodosol A6 the speciﬁc role of horizonation in driving colloid transport becomes very apparent.
Here 210Pb migration increases from ca. 0.5 mm yr1 in
Oa horizon, where it is likely to be limited by organic
decomposition of leaf matter, to 2.5 mm yr1 through E
horizon where eluvial processes are active, before slowing
to less than 0.5 mm yr1 in B horizon where accumulation
is evident (and a minor accumulation of 241Am is also
found, Fig. 4b).

7.1. Development of atmospheric element depth profiles
This critical conclusion may be drawn from 210Pb
chronometer results with respect to colloid-metal dynamics:
the shape of metal concentration distributions and their
position in the soil proﬁle is a product of time and dynamic
soil process rates, rather than of static soil properties. As
demonstrated with 7Be as proxy, the instantaneous atmospheric deposition of particle-reactive elements to the soil
system establishes an inventory maximum at the soil/litter
surface with an exponential-like decline below. Following
the addition of a conservative tracer pulse, such as 241Am
from bomb-testing, the depositional maximum is preserved
at (approximately) the layer of deposition even under the
progressive action of advective-dispersive processes. In a
soil system and 210Pbxs context, the layer of deposition must
be interpreted as a population of mobile organo-metallic
complexes or their precursors. Over time, advective–dispersive processes transform the initial exponential distribution
into a peak shape that is approximately Gaussian, tailing to
the bottom as a consequence of the initial exponential distribution of depth penetration, while truncated to top by
the boundary condition imposed by the soil surface. Only
changing rates of advection/dispersion with depth, anisotropy, or more complex (biological) processes further distort the concentration-mass depth peak shape. Our
observed 241Am peak shapes conform to the expectation
of an idealized depositional peak, as is apparent in Fig. 4.
Conversely, 137Cs peak shapes are irregular or distorted
(Fig. 5). 137Cs inventory maxima are signiﬁcantly younger
than expected for bomb testing, indicating discord between
Pb/Am/Hg and Cs behavior. The diﬀerence in Cs proﬁles
between sites A1 and A6 is remarkable, A1 with a broadly
symmetrical shape and A6 with a very pronounced nearsurface maximum. These soils share both common parent
material and canopy cover, but A1 lacks development of
a strongly eluviated horizon. While focusing (or retarding)
processes maintain a sharp surface peak in A6, the broad,
diﬀusive 137Cs tail below (Rosén et al., 1999), indicates that
these processes are ‘leaky’. Cs that escapes the organic horizons is rapidly moved through the soil proﬁle. These characteristics are consistent with the interpretation that
surﬁcial focusing is related to biological cycles, which may
be leaky due to seasonality in the life cycle of microbial
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b
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d

Fig. 4. Soil age-depth models, with americium-241 depth distributions superimposed, for three sites, (a) site A1, an immature spodosol under deciduous maple-beech-birch canopy, (b) site A6, a
mature spodosol under same canopy, and (c) site M2, inceptisol under coniferous white pine canopy. The LRC model is shown with 1-sigma conﬁdence intervals (thin dotted lines). The CRS
model is represented as its 1-sigma conﬁdence interval in black hatching. 241Am measurements are shown with 1-sigma conﬁdence interval in dark gray, and integrated inventory in red shading.
Our assigned peak in 241Am inventory, which we attribute to maximum bomb testing of 1963, is shown by the white diamond. Uncertainties are taken to be ± one-half depth interval and
±3 years, respectively. Inset (d) shows inventory versus depth for site M2, where concentration maximum does not correspond to inventory maximum due to density change through the proﬁle.
Inset (e) shows LRC and CRS models for recent decades where divergence of the models is most signiﬁcant.
119

137

Cs depth distributions in shaded green.
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Fig. 5. LRC and CRS models with
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Fig. 6. LRC and CRS age models and total Hg proﬁle for site A1,
which was contaminated with Hg from the Berlin, NH chlor-alkali
Superfund site. Hg electrolysis began in 1908–1937 but ended
abruptly in 1962 (EPA, 2005). Remediation of the facility began in
1999–2000.

communities and soil solution chemistry (Zabowski and
Ugolini, 1990; Pietrzak-Flis et al., 1996; Kaiser et al.,
2001; Landis et al., 2012a). Consequently, 137Cs does very
little for soil chronometry in our organic-rich, clay-poor
soils (see Sanchez et al., 1999), though it may be useful as
an indicator of, for example, fungal activity or nutrient
stress. 210Pb thus provides a powerful comparator for other
elements whose behavior, like that of Cs, may not be controlled by colloidal processes to the same extent as Pb, or
may be regulated by other processes altogether.
7.2. Advantages and limitations of
chronometers

210

Pb empirical

The migration of metals through soil proﬁles is traditionally described using analytical advection–dispersion
models (e.g., Dorr and Munnich, 1991; He and Walling,
1997; Bossew and Kirchner, 2004). Versus these approaches
LRC modelling provides critical advantages of (i) explicit
and quantitative incorporation of atmospheric depositional
processes for each soil proﬁle, (ii) depositional processes
calibrated in situ using simultaneous 7Be measurements,
with no assumptions regarding functionality of the atmospheric deposition depth penetration, (iii) calculation of
migration rates that are depth dependent and require no
assumptions about the number or nature of governing soil
processes. Incorporation of the 7Be depositional proﬁle into
the LRC model explicitly accommodates the short-term
redistribution of radionuclide contaminants following their
introduction to soil, as from the Chernobyl or Fukushima
disasters, where advection–dispersion modeling has not
been successful (Bossew and Kirchner, 2004). We are
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similarly able to resolve a fundamental question regarding
the shape of the Pb depth proﬁle, namely, its subsurface
peak. Whereas Friedland et al. (1984) and Grondin et al.
(1995) suggested speciﬁc sorption aﬃnity of organic soil
layers, Kaste et al. (2011a,b) invoked its concentration by
organic decay and CO2 loss, and Klaminder et al. (2008)
warned about conﬂating this feature with the historical pattern of atmospheric deposition, here we demonstrate that
for 210Pb, its continuous deposition via rainwater percolation alone can produce this feature.
It must be stressed here that the 210Pb age models do
not represent a history of the atmospheric deposition per
se. The LRC and CRS models describe net transfer, or
advection, such that we are able to date only the inventory
maximum of a contaminant pulse as shown here with
241
Am. Total transport rates are compounded when dispersive processes act in concert with accelerating advection, such that a signiﬁcant fraction of the total 241Am
inventory may be found quite deep in the proﬁle where
210
Pb models produce ages many decades older than the
advent of ﬁssile plutonium (and americium). For the case
of nuclear bomb fallout and 241Am, its prolonged period
of deposition (ca. 1945–1975) introduces a dispersion-like
eﬀect to the initial soil proﬁle condition and, consequently,
we cannot make a reasonable assessment of in situ dispersive process rates. Only with estimates of dispersion can a
true depositional history be reconstructed. In the future
this might be accomplished through a hybrid approach,
by inverting a complete advection–dispersion model with
known, depth-dependent rates, which are calibrated by
an empirical age model such as the LRC model described
here.
As for sedimentary systems, in soil systems 210Pb dating
provides high-precision process rate estimates, with uncertainties in the 3–5% percent range for up to 30-year timeframes by means of the LRC model. LRC uncertainties
explode as the accumulative ratio RBe:Pb approaches its
asymptote, but here the ‘non-ideal deposition’ bias in conventional 210Pb CRS modeling becomes trivial. In this timeframe the CRS model oﬀers analytical precision on the
order of 5% for the range 30–100 years. The two 210Pb
age models should thus be seen as complementary, with
the incorporation of 7Be required where it is present and
allowing us to discount the eﬀects of rapid rainwater percolation where it is absent. Simply put, the presence of 7Be at
depth in a soil forces us to reinterpret the mechanisms and
rates by which co-occurring 210Pb arrived at those same
depths.
8. BROADER APPLICATIONS OF SOIL
CHRONOMETRY

210

PB

Through their eﬃcient accumulation in vegetation, it is
well established that both the 7Be and 210Pb tracers, as well
as pollutants including Pb, Hg (Demers et al., 2013),
nuclear fallout 137Cs (Kato et al., 2012), and a number of
other metals such as Se (Blazina et al., 2014) or Zn, Cd,
Mo and W (Steinnes and Friedland, 2006) are introduced
to soil systems via atmospheric deposition. Our tracing of
the post-depositional migration of atmospheric metals
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using LRC and CRS models is validated here with 241Am
bomb fallout and is consistent with that of local Hg contamination, leading us to propose that 210Pb chronometry
is a valuable tool for quantifying modern soil processes
and the incorporation of atmospheric elements into soil systems. Application of 210Pbxs models to other metals and soil
conditions requires careful consideration of, e.g., metal speciation, pH, active biological uptake, or redox cycles, which
may cause them to diverge from the conservative colloid
migration that typiﬁes Pb and Am in our model soils. Here
we emphasize that 210Pb chronometry of soil systems is
both conceptually valid and valuable, provided a proper
interpretation of model results. Exposure aging derived
from these models are not interpretable with reference to
the soil bulk medium, but instead provide insight into the
mechanisms and rates by which atmospheric elements are
processed through the soil system. Lacking speciﬁc tracers
for each element of interest, atmospheric 210Pb behavior
thus provides us with a metric of in situ universal processes,
such as litter decomposition and colloid migration, between
sites and sampling times, from which we may interpret the
relative behaviors of other elements.
The potential of 210Pb dynamics to inform us about soil
processes is enormous, but 210Pb chronometry of soils (with
241
Am corroboration) faces the same challenges that have
been found in sedimentary systems. These include diﬃculties in validating steady-state assumptions and postdepositional mobility, in corroborating independent time
markers (Davis et al., 1984), violations of radioactive equilibrium underlying 210Pb production from the uranium
decay series both in situ (Imboden and Stiller, 1982; Du
and Walling, 2012) and during analysis (Zhang et al.,
2009), and analytical complications regarding the direct
measurement of both 210Pb (Shakhashiro and Mabit,
2009; Mabit et al., 2014) and 7Be (Landis et al., 2012a,b).
With respect to soil systems we add complications of diﬀerential elemental behavior in the context of multiple, poorly
constrained soil processes (Matisoﬀ et al., 2011; Demirkanli
et al., 2009). The dynamic nature of 7Be deposition and its
representation of historical 210Pb deposition must also be
considered (see Appendix). Nonetheless, with appropriate
attention to these challenges, 210Pb dating remains a primary means for reconstructing contaminant deposition in
sedimentary systems (Appleby, 2001; Mabit et al., 2014;
Matisoﬀ, 2014) and will prove invaluable, as well, in soil
systems. Finally, the LRC method may complement dating
of sedimentary systems, too, where 7Be may be found to
some depth in surface sediments (e.g., Santschi et al.,
1999) and peat (Hansson et al., 2014). Here 7Be can correct
210
Pb for this ‘non-ideal deposition’ (Abril and Gharbi,
2012) in the same manner that we have used it for rainwater
depositional processes in soils.
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APPENDIX 1.
A1. Dynamic nature of 7Be occurrence and limitations of the
LRC model
In the Linked Radionuclide aCcumulation model (LRC)
we assume that the 7Be depth proﬁle observed in soils
reﬂects long-term, average behavior of 210Pb. This assumption requires attention. Walling (2013) has warned that the
depth distribution of 7Be is dynamic, and we must consider
that variation in, for example, median activity depth h0, has
the potential to inﬂuence age determination. It stands to
reason that depth penetration may be related to rainfall rate
and/or total ﬂux. If so, seasonal diﬀerences between 7Be
and 210Pb deposition may become problematic due to the
combined eﬀects of two phenomena: (i) At our location,
210
Pb ﬂux shows a roughly 2 increase in summer over winter, whereas 7Be shows a roughly 8 increase (Landis et al.,
2014). The bias to 7Be ﬂux is attributed to seasonal thinning
or increasing altitude of the tropopause (Feely et al., 1989),
which allows precipitation to nucleate at higher altitudes
where 7Be production is greater. (ii) Convective storms
characteristic of summer often generate high-intensity and
abundant rainfall. Combined, these processes could bias
deposition characteristics between 7Be and 210Pb and lead
us to overestimate the depth penetration of 210Pb. A similar
bias might be present in mountainous regions where ‘occult’
deposition of 210Pb from cloud water may not be accompanied by equal amounts of 7Be (Stankwitz et al., 2012).
To our knowledge the best data available on 7Be depths
in soil are provided by Walling et al., 2009. These authors
performed repeat sampling of bare soil in a cleared forest
site through the dry-to-wet seasonal transition in southern
Chile. The depth distribution of 7Be does change shape in
response to rainfall amount, deepening from dry to wet season. There appears to be no systematic relationship between
total inventory and h0, however. Instead, 7Be median depth
deepens in the proﬁle as the rainy season progresses. It may
be that prior or antecedent wetting of the soil enhances
inﬁltration in wet versus extended dry periods, or that penetration of 7Be into the soil is a multi-step process with
some compounding contribution from repeated depositional events. For all observations the gross 7Be depth distribution was well-approximated by an exponential
function. Observed values of h0 range 1.3 to 2.2 kg m2,
with a median of 1.85 ± 0.29. We performed a sensitivity
analysis for our A6 site based on this variation, for simplicity assuming a strictly exponential distribution of 7Be with
depth. We ﬁnd that a corresponding ±1r error in h0 translates to errors in age estimation of ±0.6 years at 10 years
old and ±0.01 years at 30 years. Because the bomb-test
horizon lies below the observed 7Be distribution, its age
estimation is not meaningfully aﬀected. The eﬀect on litter
age is more pronounced, ±0.15 years at 1 year old or 15%
relative.
With neither canopy of vegetation nor leaf litter layers
to intercept precipitation and moderate its fall to the
ground, the case reported by Walling et al. (2009) is likely
an extreme scenario since both 7Be and 210Pb are eﬃciently
scavenged where vegetation and litter are present. The sim-

ilarity in h0 reported by many authors, as reported by
Walling (2013), gives us conﬁdence that the geochemical
nature of 7Be interactions with soil media, rather than
weather conditions, dominates its depositional characteristics. It must also be emphasized that the principle factor
controlling both 7Be and 210Pb ﬂuxes is rainfall amount
(Landis et al., 2014), and because these ﬂuxes are correlated
and conform to a law of averaging, both 7Be and 210Pb penetration into the soil should be expected to respond similarly to variations in depositional character. Furthermore,
intense rainfall usually generates runoﬀ or pooling rather
than percolating further or faster: inﬁltration rates during
intense storms are limiting. We thus expect that the primary
challenge to determining a representative 7Be depth proﬁle
is related to extreme seasonality in precipitation and related
soil moisture characteristics. In all cases, ultimately we
would like to know the ‘ﬂux-weighted mean’ depth penetration of both 7Be and 210Pb. While additional research and
site-speciﬁc evaluation will be required to develop sampling
strategies that best achieve this goal, our present results
conﬁrm that including 7Be in a 210Pb age model provides
a more accurate estimate of soil process rates.
APPENDIX B. SUPPLEMENTARY DATA
Supplementary data associated with this article can be
found, in the online version, at http://dx.doi.org/10.1016/
j.gca.2016.02.013.
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Ferro-Vázqeuz C., Nóvoa-Muñoz J. C., Costa-Casias M., Klaminder J. and Martı́nez-Cortizas A. (2014) Metal and organic
matter immobilization in temperate podzols: a high-resolution
study. Geoderma 217–218, 225–234.
Friedland A. J., Johnson A. H., Siccama T. G. and Mader D. L.
(1984) Trace metal proﬁles in the forest ﬂoor of New England.
Soil Sci. Soc. Am. J. 48, 422–425.
Gabrieli J., Cozzi G., Vallelonga P., Schwikowski M., Sigl M.,
Eickenberg J., Wacker L., Boutron C., Gäggeler H., Cescon P.
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Rosén K., Öborn I. and Lönsjö H. (1999) Migration of radiocaesium in Swedish soil proﬁles after the Chernobyl accident,
1987–1995. J. Environ. Radioact. 46, 45–66.
Sanchez A. L., Wright S. M., Smolders E., Naylor C., Stevens P.
A., Kennedy V. H., Dodd B. A., Singleton D. L. and Barnett C.
L. (1999) High plant uptake of radiocesium from organic soils
due to Cs mobility and low soil K content. Environ. Sci.
Technol. 33, 2752–2757.
Sanchez-Cabeza J. A., Ani-Ragolta I. and Masqué P. (2000) Some
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